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Sediment dredging is an eﬀective method to reduce internal phosphorus (P) loading of eutrophic lakes. However,
external P loading may diminish the longevity of the eﬀect of sediment dredging on P internal loading, and the
mechanism of the same is unclear. Here, we used one-year in-situ simulation experiments to study the migration
and transformation processes of P under the eﬀect of external loading (suspended particle matter, SPM) input
and internal loading control by dredging. The results showed that dredging can eﬀectively reduce the internal
loading and mobility of P, increase the P adsorption and retention capacity of the sediment, and improve the
oxidation environment at the sediment-water interface (SWI), thus, inhibiting the release of internal P. The input
of SPM, however, can signiﬁcantly inhibit the above processes and increase the risk of P resupply and release.
Temperature, dissolved oxygen, and the P resupply capacity (R) are the key factors aﬀecting the P ﬂux across the
SWI. Therefore, it is necessary to control the input of SPM to eﬀectively inhibit eutrophication after dredging.
More measures to control the input of SPM, such as establishing buﬀer zones, ecological wetlands, and forebays,
should be explored and applied.
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1. Introduction

quantitative assessment and environmental drivers to understand the
mechanism of P transformation across the SWI.
Taihu Lake is the third largest freshwater lake in China, with an area
of 2338 km2. It is a typical shallow eutrophication lake with an average
depth of 1.9 m (Yu et al., 2017). In the past 30 years, Taihu Lake has
experienced accelerated eutrophication, with frequent algal blooms in
high temperature seasons (Zhang et al., 2007; Xu et al., 2017). Previous
studies have shown that nitrogen (N) and P are important nutrient
limiting factors in the Taihu Lake ecosystem, and to mitigate eutrophication therein, N and P levels must be reduced (Xu et al., 2010;
Paerl et al., 2011; Paerl et al., 2015). In the past 10 years, many measures have been taken to reduce the external and internal loading, including ecological water transfer, sediment dredging, and algal harvesting (Hu et al., 2008; Wang et al., 2012a; Chen et al., 2018). After
more than 10 years of comprehensive measures, the N concentration in
the water column decreased signiﬁcantly, but the P concentration in the
water column did not (Zhu et al., 2020). The large amount of external P
input may be responsible for this. According to the statistical estimates
of the Taihu Basin Water Resources Protection Bureau from 2015 to
2016, the annual total P input to Taihu Lake was about 3000 tons, including 2400 tons from rivers, accounting for 77.98 %, 200 tons from
rainfall, accounting for 6.56 %, and 476 tons from atmospheric dry
deposition, accounting for 15.46 % (Zhai et al., 2020). Most of the
external P entered the water body in the form of particulate P before
settling on the surface of the sediment (Sutula et al., 2004). In shallow
lakes, such as Taihu Lake, wind wave disturbance and biodisturbance
cause frequent sediment resuspension, and particulate P frequently
enters the water column and settles on the SS. Frequent sediment resuspension in shallow lakes may accelerate the recovery of internal P
after dredging.
The main purpose of this study is to illustrate how external P
loading diminishes the eﬀect of sediment dredging on internal P control
by exploring the processes of P regeneration, migration, and transformation at the SWI. Therefore, a high-resolution dialysis peeper (HRPeeper) and diﬀusive gradients in thin ﬁlms (DGT) (Ding et al., 2015)
were used to identify soluble reactive P (SRP) and DGT-labile P in pore
water, and the resupply capacity of P from the sediment to pore water
was calculated. The ﬂux of P across the SWI was estimated using different methods, and the inﬂuencing factors, forms of P, adsorption, and
retention capacity of the SPM and SS were analyzed. The information
acquired in this study can improve our understanding of dredging
methods to control eutrophication and the eﬀect of external loading,
which will help us to better carry out restoration projects for eutrophic
lakes.

Eutrophication of shallow lakes is a global phenomenon due to
excessive anthropogenic nutrient enrichment, which seriously threatens
the safety of freshwater ecosystems and the supply of drinking water
(Jeppesen et al., 2000; Smith et al., 1999; Conley et al., 2009). The
control of phosphorus (P) is crucial for eutrophication control and lake
restoration, as P is a limiting or co-limiting nutrient (Carpenter, 2008;
Schindler et al., 2016; Yin et al., 2016). Once external P is introduced
into lakes, it can be taken up by organisms, undergo an internal cycle
within the food web, and also accumulate in the sediment over time,
creating P- and organic matter (OM)-enriched sediments (Das et al.,
2012; Song et al., 2017). Various processes can trigger internal P
loading, including the lack of oxygen, changes in the pH and temperature (T), bioturbation, resuspension, and the decomposition of Pand OM-enriched sediment (Song et al., 2017; Lake et al., 2007; Li
et al., 2019; Sondergaard et al., 2003), which may maintain high P
concentrations in the water column for decades following the reduction
of external P loading (Sondergaard et al., 2003; Jeppesen et al., 2005).
Therefore, reducing both external and internal P loading are essential to
mitigate eutrophication.
A series of restoration techniques have been applied to reduce internal P loading for decades, including bio-manipulation (Liu et al.,
2018), in-situ capping (Yin et al., 2016; Meis et al., 2013), hypolimnetic
aeration (Dittrich et al., 2011), and sediment dredging (Oldenborg and
Steinman, 2019; Kleeberg and Kohl, 1999). Although sediment dredging has some disadvantages, such as high costs and the damage to
ecosystems (Lürling and Faassen, 2012), it can eﬀectively and permanently remove contaminated surface sediments and reduce the risk of
internal P release. Thus, dredging or other methods combined with
dredging are still common in China (Yu et al., 2016; Liu et al., 2016a).
However, due to the continuous discharge of pollutants from external
sources and the deposition and accumulation of organic matter (due to
the growth of algae) on surface sediments (SS), the eﬀect may be diminished later after dredging (Liu et al., 2016a; Liu et al., 2016b; Liu
et al., 2019; Sondergaard et al., 2007). Sewage from human activities
often contains high amounts of OM, P, and Fe. Inorganic suspended
particles, such as clay minerals, calcium carbonate particles, and iron
and manganese metal oxides or hydroxides, are beneﬁcial to the exclusive adsorption of P in water, especially to that of dissolved P, which
makes the external suspended particle matter (SPM) richer in P than SS
(Liu et al., 2016b; Liu et al., 2019; Huser et al., 2016; Sutula et al.,
2004; Zhang et al., 2013). The deposition of this SPM will have an
important eﬀect on the migration and transformation of internal nutrients (Liu et al., 2016b; Liu et al., 2019). In addition, the decomposition of OM results in oxygen depletion, accelerating the dissolution
and release of P from the sediment to the overlying water, which erodes
the eﬀect of dredging in controlling the internal loading (Rydin, 2000;
Yin et al., 2018; Yu et al., 2017).
If the external loading is not controlled, the eﬀect of dredging to
control the internal loading will be greatly reduced (Song et al., 2017;
Sondergaard et al., 2007; Zamparas and Zacharias, 2014), but information about how external SPM aﬀects the P diﬀusion potential and
the regeneration ability across the new sediment water interface (SWI)
after dredging is limited (Liu et al., 2016b; Yu et al., 2017). Generally,
the mechanisms of P exchange across the SWI are complicated, and the
main environmental drivers of P ﬂux across the SWI are oxygen, pH, P
forms, grain size, disturbance, and trophic state, which involve a
combination of physical, chemical, and biological processes (Lake et al.,
2007; Li et al., 2019; Liu et al., 2018; Zhang et al., 2013; Orihel et al.,
2017). The common methods used to evaluate the P ﬂux at the SWI are
sediment incubation experiments and the pore water P concentration
gradient diﬀusion based on Fick’s ﬁrst law (Orihel et al., 2017). However, the P ﬂuxes calculated by diﬀerent methods often vary, which is
related to the mechanism of diﬀerent methods and their main driving
factors. Therefore, it is necessary to explore the relationship between

2. Materials and methods
2.1. Site description
This study was performed in Meiliang Bay at the northern end of
Lake Taihu (Fig. S1). Meiliang Bay is an important source of drinking
water for the city of Wuxi; however, in recent years, a massive harmful
algal bloom has been occurring in late spring and summer in Meiliang
Bay, which is one of the most polluted areas of Lake Taihu. Since 2009,
large-scale dredging measures have been used to remove sediments
with high internal nutrient loads (Yu et al., 2016). Cutter suction
dredging was mainly used, and the dredged spoils were mainly stacked
in the open ﬁeld in the early stage, waiting for recycling. However, due
to the continuous discharge of pollutants from rivers and the accumulation of algae and other SPMs in the region as a result of the Southeast
monsoon, the nutrient content in sediments in this area has increased
rapidly, and the eﬀect of dredging in controlling the internal loading
has also decreased over time (Liu et al., 2016a; Jalil et al., 2019; Huang
et al., 2016). Therefore, it is essential to understand the mechanism of P
transport and transformation processes at the new SWI after dredging
under the eﬀect of external SPM deposition.
2
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dark at the in-situ water temperature ( ± 2 ℃). Water samples (50 mL)
taken from the incubated cores at designated intervals (0, 12, 24, 36,
48, 60, and 72 h) from a location 5 cm above the SWI were ﬁltered
through 0.45 μm syringe ﬁlters and analyzed for SRP. After sampling,
the same volume of the original ﬁltered water was added to each core
immediately to maintain the water quantity.
The diﬀusive ﬂux of SRP across the SWI can be estimated based on
the change in the SRP concentration in the overlying water in the
system (Fan et al., 2002):

2.2. Experimental design
The sediment cores used during the study were sampled from the
inner bay (31°31′33.9″ N, 120°12′35.2″ E) of Meiliang Bay (Fig. S1),
which is enriched with total organic carbon, total nitrogen (TN), and
total phosphorous (TP) in the sediments (Yu et al., 2016). One hundred
intact sediment cores were collected using a gravity corer (90 mm
diameter; 60 cm length; Rigo Co., Ltd., Saitama, Japan) on January 20,
2018. Fifty sediment cores were randomly selected for the simulated
dredging treatment: the upper 30 cm of sediments were sliced when
they extruded through the core tube; the remaining sediments (about
25 cm in length) in those 50 tubes were used as dredged sediments for
the experiments. The depth of simulated dredging was based on the
practical dredging project in Lake Taihu (Yu et al., 2016). We selected
surface sediments (about 25 cm in length) from another 50 sediment
cores as the non-dredged sediments for the experiment. All sediment
cores we prepared for the experiments were transferred to new tubes
with a length of 30 cm. Then, 25 sediment cores were randomly selected from the dredged and non-dredged cores, respectively, and we
put polyamide screens with an 800 mesh (18-μm mesh size) on top of
the core tubes to prevent any new SPM from entering the tubes. After
the above treatment, we obtained four groups of sediment cores: (1)
ND, non-dredged sediment cores without SPM deposition; (2) D,
dredged sediment cores without SPM deposition; (3) NDS, non-dredged
sediment cores with SPM deposition; and (4) DS, dredged sediment
cores with SPM deposition. Each group consisted of 25 sediment cores.
A ﬂow chart of our approach is attached in the Supplementary Materials (Fig. S2).
At the ﬁeld observation platform near the lakeshore outside the
Taihu Laboratory for Lake Ecosystem Research (31°25′10.78″ N,
120°12′50.7″ E), we ﬁxed the four groups of treated sediment cores in
stainless-steel frames and installed them at the bottom of the lake with a
nylon rope connected to the platform to simulate the real lake environment. To prevent the mesh from being blocked by the deposition
of particulate matter or the formation of bioﬁlms, we replaced the mesh
every 30 days.
During the incubation period, after 0 (Jan 20), 30 (Feb 19), 75 (Apr
5), 135 (Jun 4), 210 (Aug 18), 280 (Oct 27), and 330 (Dec 16) days
(from January 2018 to December 2018), three sediment cores of each
group (ND, D, NDS, and DS) were taken from the lake bottom and
transferred to the laboratory for subsequent experiments, and the extra
sediment cores were kept in reserve. In addition, the overlying water
samples and sedimented SPM were collected at the same time. The
sedimented SPM was collected by cylindrical traps placed on the lakebed. Simultaneously, we used a multi-parameter water quality meter
(YSI, Yellow Springs, OH, USA) to record the water temperature (°C),
pH, and DO of the in-situ overlying water. All samples were brought
back to the laboratory within three hours. For the exploration of P
processes across the SWI, the samples collected from each sampling
event were used for the following experiments: internal P diﬀusion ﬂux,
pore water P proﬁle analysis, P adsorption isotherm experiment, and P
fraction analysis.

⎡
F1 = ⎢V(Cn − C0) +
⎣

n

⎤

∑ Vj−1 (Cj−1 − Ca) ⎥/(s× t)
j= 1

(1)

⎦
−2

where F1 is the diﬀusive ﬂux across the SWI measured in mg·m ·d by
the static release method; V is the water volume in the sediment core in
L; Cn, C0, and Cj-1 are the nutrient concentrations at n times, the initial
time (0), and j − 1 times in mg·L-1, respectively; Ca is the nutrient
concentration in the water that was added to the sediment core after
each sampling time in mg·L-1; Vj-1 is the volume of water sampled from
the sediment core in L; s is the area across the SWI in the sediment core
in m2; and t is the incubation time in d. F1 represents the average exchange ﬂux over three days.
The SRP concentration gradient at the SWI is the direct driving force
for the diﬀusion of P across the SWI, so the ﬂux of SRP is often calculated by Fick’s ﬁrst law of diﬀusion according to the SRP pore water
proﬁles (Ullman and Aller, 1982; Lavery et al., 2001). The detailed
calculation process is as follows:

F2 = ∅Ds

∂c
|x = 0
∂x

-1

(2)

Ds = ∅D0 ∅ ≤ 0.7

(3)

Ds = ∅2D0 ∅ > 0.7

(4)

where F2 is the P ﬂux calculated by Fick’s ﬁrst law, ∅ is the porosity of
∂c
the surﬁcial sediment, and ∂x |x = 0 is the concentration gradient between
the surﬁcial sediment and bottom water. Ds is the sediment diﬀusion
coeﬃcient for SRP, and D0 is the ideal diﬀusion coeﬃcient of an inﬁnite
dilution solution.
2.2.2. Analysis of pore water SRP and DGT-labile P
After three days of the sediment core incubation experiment, the
SRP in the pore water and DGT-labile P in the sediment were measured
by HR-peeper and ZrO-Chelex DGT probes, respectively. The HR-peeper
and ZrO-Chelex DGT probes were inserted vertically into four groups of
sediment cores and retrieved 48 h and 24 h after deployment, respectively. The pore water samples were transferred to 0.5-mL centrifuge
tubes for analysis. The ZrO-Chelex binding gel was sliced into 4.0-mm
intervals and transferred to 1.5-mL centrifuge tubes for extraction and
analysis. The HR-peeper and ZrO-Chelex DGT probes were provided by
Easysensor Ltd. (www.easysensor.net). Detailed preparation and analysis methods are described in the reports by Xu et al. (2012), Xu et al.
(2013) and Ding et al. (2015).

2.2.1. Diﬀusive ﬂux of P across the sediment–water interface
Two methods were used to estimate the diﬀusion ﬂux of P across the
SWI: a sediment core incubation experiment and the pore water P
concentration gradient diﬀusion based on Fick’s ﬁrst law. Due to the
length of the 12 sediment cores and their tubes (each group had three
repetitions) we brought to the lab from the lake each time was not more
than 30 cm, we needed to transfer the sediment cores to longer tubes for
the sediment core incubation experiment. Thus, the sediment cores
were carefully transplanted into Plexiglas cylinders (9 cm diameter,
50 cm height) in an undisturbed state, and, then, ﬁltered in-situ water
was carefully poured along the sediment column walls to avoid disturbance; the depth of the overlying water was maintained at 20 cm. All
sediment cores in the laboratory were incubated in a water tank in the

2.2.3. Phosphate adsorption isotherm
After the sediment core incubation experiment and pore water
analysis, the surface sediments (top 2 cm) of the cores were sampled.
The non-linear form of the Langmuir equation was used to determine
the adsorption of P by the surface sediment and SPM. The concentration
gradient of the SRP used was as follows: 0, 0.05, 0.1, 0.2, 0.5, 1, 2, 5,
10, 20, and 50 mg/L. An aliquot of 0.5 g of dry samples (SS and SPM)
and 40 mL of solution was placed into a polyethylene tube. All the tubes
were incubated in a shaker incubator (180 rpm) at 25 ℃ for 48 h. At the
end of incubation, the supernatant was extracted by high-speed centrifugation and ﬁltration, awaiting further analysis. The maximal adsorption capacity (Qmax, mg/g) and zero equilibrium P concentration
(EPC0, mg/L) were obtained in this experiment. The detailed
3
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2013; Yin et al., 2018; Gireeshkumar et al., 2013; Soliman et al., 2017),
were much higher in the SPM than in the SS, while inert P, such as Ca-P
(Yin et al., 2018; Kaiserli et al., 2002), in the SS was higher than that in
the SPM. This indicates that the deposition of SPM brings a large
amount of active P to the SS, which may lead to an increase in the
internal P loading.

experimental method and calculation process are described in the reports by Zhou et al. (2005) and Yu et al. (2017).
2.3. Analysis method
We determined the sediment and SPM water content (WC) by
weighing the fresh samples before and after drying to a constant weight
at 105 ℃, and the porosity was measured via a cutting ring (Graca et al.,
2004). Dissolved oxygen (DO) concentration proﬁles across the SWI
were measured using an oxygen microelectrode (Unisense, Aarhus,
Denmark). The sediment and SPM samples were freeze-dried under
vacuum conditions and then ground and sieved through a 100 mesh
(0.150 mm) screen before analysis. The TN in the sediment and SPM
was determined through extraction in alkaline potassium persulfate
(Chinese EPA, 2002), OM was measured as the loss on ignition (LOI)
through the calcination of sediment and SPM at 550 ℃ for 6 h. TP
contents in the sediment and SPM were analyzed as phosphate after
acid hydrolysis at high temperatures (340 ℃) (Rydin, 2000). The
fractions of P in the sediment and SPM were sequentially extracted
according to a previously established method (Rydin, 2000). According
to the activity or potential bioavailability of P, the fractions of P were
generally separated into loosely absorbed P (NH4Cl-P), iron-bound P
(Fe-P), metal oxide–bound P (Al-P), organic P (Org-P), calcium-bound P
(Ca-P), and residual P (Res-P) (Yin et al., 2018; Kaiserli et al., 2002; Xu
et al., 2018), and the P fractionation scheme is shown in Fig. S3. Alkaline phosphatase activity (APA) was determined according to the
method described by Hadas and Pinkas (1997). The concentration of
SRP in water samples of the static release experiments, P adsorption
isotherm experiments, and pore water and DGT elution were determined using the molybdenum blue method (Murphy and Riley,
1962). The calculation process of the oxygen consumption rate (RO2 ) at
the SWI is described in a report by Froelich (1979) (Supplementary
Material).

3.2. The change of physicochemical properties at the new sediment–water
interface after dredging
Dredging exposes the dense sediments in the bottom layer to the
surface layer, thus, reducing the WC and porosity of the sediments, as
well as removing the high OM contents in the surface layer (Table S1).
WC or porosity is a crucial factor aﬀecting the diﬀusion of nutrients,
DO, and other substances across the SWI (Ullman and Aller, 1982).
With the accumulation of loose SPM at the interface, the WC of the NDS
and DS groups increased gradually in the later stage, while that of the
ND and D groups had no change in the entire year. The LOI had similar
distribution characteristics to those of WC. The LOI of SS decreased
signiﬁcantly from 6.60 % (ND group) to 5.37 % (D group), and the
deposition of SPM made the LOI of the NDS group (8.16 %) signiﬁcantly
higher than that of the ND group (p < 0.05), but there was no signiﬁcant diﬀerence between the DS (5.69 %) and D groups (p > 0.05)
(Table S1). The DO of the non-dredged sediment at the SWI varied from
3.14 to 7.82 mg/L. After dredging, the DO at the SWI varied from 4.59
to 8.89 mg/L, and the oxygen penetration depth (OPD) decreased at the
initial stage but then increased over time (Fig. 2). Under the eﬀect of
the SPM, the DO at the SWI of the non-dredged and dredged groups
were 0.61–5.38 mg/L and 0.63–4.89 mg/L, respectively, and the OPD
decreased signiﬁcantly compared with the no SPM groups (p < 0.05).
The OM in sediment is crucial for the redox environment and the
transformation of pollutants at the interface, and the degradation of OM
and respiration by microorganisms are the main reasons for the rapid
consumption of DO across the SWI (Yu et al., 2016; Kohler et al., 2005).
Dredging reduced the content of OM and microbial activity in the sediments, so that the oxygen consumption at the new SWI was lower
(Fig. S4), which is the reason for the higher DO at the new SWI after
dredging (Fig. 2). DO diﬀused into deep sediments over time, which led
to a higher OPD in the dredged sediment compared with that in the
non-dredged sediment (Fig. 2). Under the eﬀect of external SPM, which
has a smaller grain size and is favorable for the adsorption of metals,
OM, and P (Liu et al., 2019; Huser et al., 2016; Campana et al., 2013),
the regeneration of OM and P was facilitated in the sediment after
dredging. The degradation of OM consumes a lot of oxygen, and the RO2
of the NDS and DS were higher compared with the ND and D groups in
general (Fig. S4), which led to a signiﬁcant decrease in DO and OPD in
the NDS and DS groups (p < 0.05). In addition, temperature is also a
key factor aﬀecting DO (Liu et al., 2016b; Zhang et al., 2013; Moodley
et al., 1998). The higher temperature and microbial activity in the
summer and autumn led to a lower oxygen solubility and a higher
oxygen consumption rate (Fig. S4), which resulted in a decrease of DO
across the SWI as compared to that in the spring and winter of the ND,
D, NDS, and DS groups (Fig. 2). Therefore, dredging can prominently
enhance DO and OPD across the SWI, which plays a more positive role
in improving the redox environment of the SWI under the condition of
preventing the input of external contaminated SPM.

2.4. Statistical analysis
The samples in the experiments were measured in triplicate, and the
results are presented as means ( ± SD). Signiﬁcant diﬀerences were
identiﬁed through analysis of variance (ANOVA) followed by Tukey’s
HSD post-hoc test. Pearson’s correlation coeﬃcients were used to test
the correlation between variables. Redundancy analysis (RDA) was
utilized to extract and summarize the variation of the response variables (P ﬂuxes) explained by a set of variables (environmental factors)
using canonical ordination analysis in Canoco 5.0. We used the
OriginPro 2017C software (Originlab, Northampton, MA, USA) to
produce our graphic plots. Excel 2013 and SPSS (IBM SPSS Statistics
22.0 for Windows) were used for quantitative and statistical analyses of
the data.
3. Results and discussion
3.1. The physicochemical properties of the surface sediments and SPM
TN, TP, and LOI were signiﬁcantly higher in the SPM than in the SS
(0–2 cm) except for at 30 d (p < 0.05) (Fig. 1), which indicates that
SPM can be regarded as an external pollutant. WC, TN, TP, and LOI in
the SPM were 67.14 ± 8.05 %, 2984.89 ± 1209.43 mg/kg,
782.62 ± 103.38 mg/kg, and 8.81 ± 0.85 %, respectively, while in
the SS they were 61.14 ± 0.67 %, 2046.56 ± 346.99 mg/kg,
549.52 ± 37.20 mg/kg, and 6.69 ± 0.51 %, respectively. SPM had
higher WC and TN contents in December and higher TP and OM contents in autumn (Fig. 1). NH4Cl-P, Fe-P, Org-P, and Al-P in the SPM
were signiﬁcantly higher than that in SS, while Ca-P showed opposite
patterns (p < 0.05). There was no signiﬁcant diﬀerence in Res-P between the SPM and SS (p > 0.05). The proportions of bioavailable P
(BAP) or mobile-P, such as NH4Cl-P, Fe-P, Org-P, or Al-P (Meis et al.,

3.3. Eﬀect of SPM deposition on the P transformation after dredging
After dredging, the content and proportion of mobile-P (the sum of
NH4Cl-P, Fe-P and Org-P) in the surface sediment decreased signiﬁcantly (p < 0.05), mainly Fe-P (0 d, Fig. 3); the proportion of
NH4Cl-P in each group was less than 1%. Without the input of external
SPM, TP in the non-dredged sediment decreased slightly, while TP in
the dredged sediment did not change signiﬁcantly (p > 0.05) (Fig. 3).
Org-P in the ND and D groups decreased from 20.2 to 5.6% and 25.3 to
4
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Fig. 1. Basic physicochemical properties of SPM and surface sediments (ND, 0–2 cm) in diﬀerent periods.

and surface sediments, the content of TP in surface sediments gradually
increased in both the NDS and DS groups. Mobile-P and Al-P in SPM
were higher than those in SS, in contrast to those in Ca-P (Fig. 1). The
deposition of SPM introduces a lot of OM, and the decomposition of OM
consumes DO, resulting in an anaerobic environment across the SWI.
Although the SPM will bring more mobile-P, the decomposition of OrgP and its anaerobic environment will be conducive to the release of Fe-P
(Rydin, 2000; Xu et al., 2012), which eventually reduces mobile-P in SS
from 52.1 to 37.5% and 38.2 to 35.1% in the NDS and DS groups, respectively (Fig. S5). After rapid decomposition, Org-P in the SS remained stable in the anaerobic environment, and the migration and
transformation of Fe-P became the main fraction of mobile-P in SS. The
results showed that mobile-P (mainly Fe-P) decreased signiﬁcantly in
the summer (135 d) and then increased in the winter (330 d). Kozerski
and Kleeberg (1998) found that Al-P is exchangeable with OH− and
dissolved inorganic P. Compared with the ND and D groups, the content

0.4%, respectively. The rapid reduction of Org-P in the dredged sediment was related to the improvement of the oxidation environment at
the new SWI after dredging (Fig. 2), which accelerated the decomposition of OM and the formation of iron-bound P (Gireeshkumar et al.,
2013; Cavalcante et al., 2018), which in turn increased the content of
Fe-P from 61.78 to 85.74 mg/kg after dredging. Moreover, the phosphate produced by the mineralization of Org-P is adsorbed and combined with a large number of calcium ions in the sediment, and, then,
under the action of the diagenesis process, it is converted into Ca-P and
Res-P, which are diﬃcult to release, resulting in the burial of P in the
sediment (Li and Huang, 2010; House et al., 1995). Thus, the proportion of inert P (Ca-P and Res-P) in the ND and D groups increased from
31.3 to 48.3% and 45.2 to 61.8%, respectively (Fig. S5). This indicated
that dredging could reduce TP in sediments and also aﬀect the transport
and transformation of P in sediments: from active P to inert P.
However, under the long-term interaction between external SPM

Fig. 2. Change in DO across the SWI under the inﬂuence of dredging and SPM. The location of the SWI is represented by zero. Positive values represent the overlying
water, and negative values are the sediment depth or oxygen penetration depth.
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Fig. 3. Characteristics of P form variations in surface sediments (0–2 cm).

NDS, and DS groups, showing ﬁrst an increase and, then, a decrease
with depth, while the change in the D group was relatively small. The
SRP and DGT-labile P in the pore water decreased again in the winter
(Figs. 4 and 5). In general, the SRP of the non-dredged sediments was
signiﬁcantly higher than that of the dredged sediments (p < 0.05);
however, under the long-term eﬀects of SPM, the SRP in the DS changed
quickly and showed distribution characteristics similar to those from
NDS, indicating that the deposition of SPM will reduce the eﬀect of
dredging on P control.
The dynamic parameter R, the ratio of DGT-labile P to SRP in pore
water, can be used to describe the ability of the sediment to supply
labile P to the pore water when the P in pore water is transferred or
consumed (Harper et al., 1999). According to the R value, the ability of
the sediment to resupply ions can be divided into buﬀering and nonbuﬀering types. The closer the R value is to one, the stronger is the
buﬀering ability of sediment-released P to pore water, while an R value
being close to zero indicates a lower buﬀering ability (Xu et al., 2012).
Fig. 6 shows that the ND group had no buﬀering capacity, and its resupply of labile P to pore water was almost zero. After dredging, the P
supply capacity of the sediment to the pore water was improved
(Fig. 6). The increased R value in the early stage after dredging explains
the higher SRP and DGT-labile P in pore water in the D group compared
with that in the ND group (Figs. 4 and 5). The ability of the sediment to
resupply ions to the pore water was improved over time, especially in
the NDS and DS groups. The surface sediment of the NDS and DS groups
were aﬀected by SPM, which can carry high active substances; when
the P in pore water is enriched on DGT, the sediments of the NDS and
DS groups can better supply P to the pore water. The R value increased
signiﬁcantly in the summer (Jun-Aug) (p < 0.05) and reached a
maximum (0.49) at 135 d in the NDS group, while it had a lag in the DS
group, with the maximum (0.39) at 280 d; these values were signiﬁcantly higher than in the ND and D groups. At 330 days, R decreased
in the NDS and DS groups, and there was no signiﬁcant diﬀerence

and proportion of Al-P in the sediment of the NDS and DS groups increased signiﬁcantly (p < 0.05). Under the eﬀect of diagenesis, Res-P
of the NDS and DS groups increased gradually, while lower contents of
Ca-P in the SPM were the reason for the decrease in Ca-P in the SS,
which ﬁnally leads to a reduction in inert P. 330 days after dredging,
the deposition of external SPM resupplied the P in the DS, resulting in
the same content and proportion of various P fractions as compared to
NDS (Fig. S5).
Alkaline phosphatase activity (APA) can catalyze the hydrolysis of
phosphoanhydrides outside the cell membrane and, eventually, convert
Org-P to inorganic P. Higher APA is usually accompanied by higher OM
contents and poor oxidation conditions (Wilczek et al., 2005; Wang
et al., 2012b). We found that dredging signiﬁcantly reduced APA (p <
0.05), but the APA of the DS group increased quickly and was signiﬁcantly higher than that of the D group due to the deposition of SPM
(p < 0.05) (Fig. S6). With the increase in temperature and the deposition of external SPM, higher OM contents can provide the carbon
source necessary for microbial activities, and the metabolic activity of
the microorganisms in the sediment was enhanced; the APA increased
correspondingly.

3.4. The eﬀect of SPM deposition on SRP and DGT-labile P in pore water
and the P resupply capacity after dredging
The SRP and DGT-labile P in the pore water showed similar distribution characteristics, which were higher in the D group than in the
ND group during the early stage after dredging and had low concentrations compared with those in other seasons (Figs. 4 and 5; 0–75
d). This may be related to the sediment properties, such as the P resupply, adsorption, and desorption capacity of the sediment, after
dredging. With the arrival of summer, the anaerobic environment
promotes the release of P (Rydin, 2000; Cavalcante et al., 2018), and
the concentrations of SRP and DGT-labile P increased rapidly in the ND,
6
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Fig. 4. Variations in the SRP with depth measured by the HP-peeper in dredged and non-dredged sediments. The location of the sediment–water interface is
represented by zero. 0–80 mm represents the depth of the pore water.

characteristics of the P adsorption isotherm in SPM and surface sediments were ﬁtted with the Langmuir equation (Fig. 7), and the relevant
parameters are listed in Table S2. After dredging, the EPC0 of the surface sediment decreased from 0.04 to 0.02 mg/L but increased over
time and was the same as that of the non-dredged sediment after 330 d.
SPM had a large EPC0 and showed obvious seasonal ﬂuctuations, which
ultimately led to the EPC0 of the NDS and DS groups being larger than
that of the ND and D groups (Fig. 7, Table S2). Dredging can increase
the Qmax of surface sediments and maintain it for a long time, increasing
the retention capacity of sediments for P. However, the strong adsorption capacity of SPM greatly increased its Qmax, and the deposition
of SPM also increased the Qmax of the NDS group, which weakened the
diﬀerence between the NDS and DS groups. In addition, dredging increased Kp, and the Kp of the dredged sediment became similar to that
of the non-dredged sediment over time (Table S2). Although SPM had a
large Qmax, the Kp of the SPM was smaller than that of the SS (Table S2).
Zhou et al. (2005) illustrated that Kp reﬂects the aﬃnities of the solid

between the R values in the four groups. The higher R value in summer
indicates that external SPM can notably improve the P resupply ability
from the sediment to the pore water; however, this eﬀect was not signiﬁcant in the winter (p < 0.05).

3.5. The eﬀect of SPM deposition on the adsorption of the surface sediment
after dredging
The adsorption and desorption of P by sediments can buﬀer the P
concentration in the overlying water and directly aﬀect the nutrient
balance of a lake body. Therefore, the source–sink conversion function
of sediment has been a focus in this ﬁeld (Oldenborg and Steinman,
2019; House et al., 1995; Reddy et al., 2007). There is a dynamic balance between adsorption and the release of P between the sediment and
overlying water, in which the equilibrium concentration of P in solution
(Peq) is equal to EPC0. If EPC0 > Peq, the sediment will release P to the
overlying water; otherwise, P is adsorbed (Zhou et al., 2005). The

Fig. 5. Variations in labile P measured by DGT with depth in dredged and non-dredged sediments. The location of the sediment–water interface is represented by
zero. 0–80 mm represents the depth of the pore water.
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was weakened under the deposition of SPM. In the spring and summer,
sediments, as a source, released P to the overlying water. On the 75th
day after dredging, the P release ﬂux of the DS was higher than that of
the NDS, and the eﬀect of the SPM increased the P release ﬂux (Fig. 8).
The internal P release ﬂuxes increased signiﬁcantly in the summer
(p < 0.05), especially under the inﬂuence of SPM. At this time, the P
release ﬂuxes of NDS were also higher than those of the DS. In autumn,
the 280th day after dredging, sediments without SPM changed from P
sources to sinks, while sediments with SPM deposition delayed the
process until winter.
The ﬂux estimated by Fick’s ﬁrst law (F2) of the concentration
gradient diﬀusion had a diﬀerent pattern than F1. In general, F2 was
smaller than F1, and the SRP diﬀusion ﬂux was very small in the winter
and spring at the early stage after dredging. In summer, the ﬂux increased rapidly and was released from the sediment to the overlying
water. On the 135th day, the ﬂuxes of the NDS and DS groups were
signiﬁcantly higher than those of the ND and D groups (p < 0.05),
while the NDS and ND group values were higher than those of the DS
and D groups, respectively. In late summer (210 d after dredging),
autumn, and winter, there was no signiﬁcant diﬀerence in the ﬂux
between the ND and NDS groups (p > 0.05), while that in the DS
group was higher than that of the D group (p < 0.05). With the deposition of SPM, the ﬂux increased in the dredged sediment at high
temperatures, which increased the SRP release risk from the sediment
to the overlying water.
The diﬀusion ﬂux of the SRP across the SWI is aﬀected by many
factors, and diﬀerent estimation methods may be controlled by various
environmental variables. In Fig. 9, arrows show the loading of each
variable on the canonical axes; the longer the arrows, the closer the
relationship between the environmental factors and the SRP diﬀusive
ﬂux. The full model mode explained a higher percentage (86.69 %) of
the variation in the SRP ﬂux (Table S3). RDA (Table S4) and Pearson’s
correlation analysis (Table S5) show that the temperature (T) was the
most critical factor aﬀecting F1 and F2; the explanation rate for the SRP
ﬂux reached 43.3 % (Table S4), and the eﬀect on F1 was more prominent (Fig. 9), which caused a higher F1 and F2 in summer (Fig. 8).

Fig. 6. Variations of R in surface sediments. R is the ratio of CDGT-labile P to CSRP
and represent the P resupply capacity from sediment to pore water.

in pore water

phase and water phase for P, and a larger Kp indicates a better ability of
the solid phase to adsorb and retain P. These results show that SPM can
absorb a large amount of P, which, however, can also be easily released,
leading to an increase in internal P loading.

3.6. The eﬀect of SPM deposition on the P ﬂux across the sediment–water
interface after dredging
For the diﬀusion ﬂux of SRP (F1) measured by the static release
method, sediments acted as sinks of P in the winter (Fig. 8; 1 d, 30 d,
and 330 d after dredging). In the early stage after dredging, sediments
had a better P retention capacity, which was mainly manifested in the
larger P ﬂux across the SWI that diﬀused from the overlying water to
the sediment. On the 30th day after dredging, the retention capacity

Fig. 7. Phosphorus adsorption isotherm regression of SPM and surface sediments using the non-linear form of the Langmuir equation.
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Fig. 8. Diﬀusive ﬂuxes of the SRP across the sediment–water interface. Positive ﬂuxes are out of the sediment. F1 is the diﬀusion ﬂux of SRP measured by the static
release method; F2 is the diﬀusion ﬂux of SRP measured by Fick’s ﬁrst law according to the concentration gradient.

slight diﬀerences can also be seen from Fig. 9, that is, the eﬀect of
phosphorus fractions, especially mobile-P, and the WC on F2 was more
prominent. Dredging changed the WC and porosity of the sediment,
increased the proportion of inert P and the retention capacity of P, and,
then, inhibited the release of P from the sediment. The deposition of
SPM introduced a lot of mobile-P and OM and then changed the content
of DO at the interface and enhanced the diﬀusion potential of P, which
directly promoted the release of P.
3.7. Implications for eutrophic lake internal and external P loading
management
In the absence of external loading, the natural process is conducive
to the burial of P and the transformation of active P to inert P (Fig. 3,
Fig. S5). Dredging can change the physicochemical and biological environment of the new SWI, remove the surface sediment with serious
pollution loading, increase the adsorption and retention capacity of the
sediment for P, promote the transformation of mobile-P to Ca-P and
Res-P, improve the redox environment of the new SWI, and eﬀectively
inhibit the release of internal P. However, under the inﬂuence of external loading, such as the deposition of SPM with higher P and OM, the
above processes are inhibited. The input of external SPM makes the
physicochemical properties of the new SWI after dredging gradually
return to the state before dredging, causes the internal P loading to
increase, and even surpass its earlier state. The continuous external
input is the key factor leading to eutrophication and frequent algal
bloom. Therefore, if we do not completely cut oﬀ the external pollution,
the eﬀect and validity of the measures to control the internal loading
are often limited and can prove costly to the ecosystem (Reddy et al.,
2007). For large shallow lakes like Taihu Lake, due to the frequent
sediment resuspension, the continuous sedimentation of suspended
particles will accelerate the recovery process of the internal P loading
after dredging. Therefore, to maintain the control eﬀect of sediment
dredging on the internal P loading, it is necessary to increase the frequency of dredging projects. Additionally, establishing a front reservoir, buﬀer strip, and an ecological wetland in the reservoirs, estuaries, and lakeshore zones of the lakes may be a good way to control the
input of external SPM.

Fig. 9. RDA results of the P diﬀusion ﬂuxes across the SWI and environmental
factors of the surface sediment. F1 represents the P diﬀusion ﬂux measured by
the static release method; F2 represents the P diﬀusion ﬂux estimated by Fick’s
ﬁrst law of diﬀusion.

This ﬁnding is consistent with previous research that T is a key factor
aﬀecting the SRP ﬂux and that the risk of internal release in summer is
far greater than that in winter (Yu et al., 2016; Liu et al., 2016b;
Moodley et al., 1998). The OM brought by external SPM promotes APA
and creates poor oxidation conditions, thus, promoting the release of P
(Wilczek et al., 2005; Wang et al., 2012b). Compared with F2, APA had
a more signiﬁcant eﬀect on F1, which directly promoted the transformation and release of P. F1 was positively correlated with R and T and
negatively correlated with DO, the diﬀerence is that F2 was also positively correlated with NH4Cl-P and Al-P and was negatively correlated
with Ca-P (Table S5). Fe-P and WC are also key factors explaining the
ﬂux of SRP (Table S4). There is clearly an interaction among various
environmental factors. For example, T will change the content of DO
and R at the SWI, which may cause a series of biochemical reactions; of
course, the reverse eﬀect is also true in this process. Finally, the change
in environmental factors will alter the fractions and content of P, resulting in the variation of the P retention and migration capacity. Some

4. Conclusions
We studied the process of P transport and transformation across the
SWI under the combined action of internal and external loading. The
results show that, after controlling the external loading, dredging can
9
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eﬀectively control the internal loading by improving the oxidation
environment across the interface, removing the high-loading sediment,
changing the fractions of P, and increasing the retention capacity of P.
Even if the surface sediment with a high loading is not weakened by
physical means, the natural process will promote the burial of P and the
transformation of active to inert P, thus, reducing the risk of internal
release. However, external SPM has a OM and nutrient contents; on the
one hand, the immobilization processes of P are inhibited, but, on the
other hand, the changed interface environment is also conducive to the
release of P, thus, increasing the internal loading and risk of P release
and weakening the eﬀect of the internal loading control. Compared
with the control of the internal loading, more attention should be put
on developing a better and more comprehensive cut-oﬀ of the external
loading to restore lakes that are experiencing eutrophication.
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